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Benthic grazing strongly controls periphyton biomass. The question therefore arises
whether benthic grazing could be used as a tool to reduce excessive growth of periphyton
in nutrient-enriched rivers. Although benthic invertebrate grazers reduce the growth
of periphyton, this is highly context dependent. Here we assessed whether the only
obligate herbivorous fish in European rivers, the common nase (Chondrostoma nasus
L.), is able to reduce periphyton biomass in a eutrophic river. We conducted three
consecutive in situ experiments at low, intermediate and high densities of nase in the
river using standard tiles on the river bottom naturally covered with periphyton that
were accessible to fish and tiles that excluded fish foraging with electric exclosures. The
biomass of benthic invertebrate grazers was very low relative to nase. We hypothesised
that nase would reduce periphyton biomass on accessible tiles and therefore expected
higher periphyton biomass on the exclosure tiles, at least at intermediate and high
densities of nase in the river. Contrary to our expectation, the impact of fish grazing
was low even at high fish density, as judged by the significantly lower chlorophyll a
concentration on exclosure tiles even though the ash-free dry mass on accessible and
exclosure tiles did not differ. The lower chlorophyll a concentrations on exclosure tiles
might be explained by a higher biomass of invertebrate grazers on the exclosure tiles,
which would indicate that the effect of invertebrate grazers was stronger than that of
herbivorous fish grazers. The high biomass of invertebrate grazers on exclosure tiles
likely arose from the exclusion of zoobenthivorous fish, which occur in the river at high
densities. The results of our small-scale experiments suggested that cascading top-down
effects of zoobenthivorous fish have a higher impact on periphyton biomass than direct
effects of herbivorous nase.
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Benthic grazing in running waters strongly affects periphyton biomass (Feminella &
Hawkins, 1995; Hillebrand, 2009; Holomuzki, Feminella & Power, 2010). Invertebrates
across different taxonomic groups are able to reduce standing crops of stream periphyton
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(e.g., Gastropoda: Rosemond, Mulholland & Elwood, 1993; Rosemond, Mulholland &
Brawley, 2000, Ephemeroptera: Hill & Knight, 1987; Moulton et al., 2004; Trichoptera:
Lamberti & Resh, 1983; Katano et al., 2007), and benthic grazing limits periphyton biomass
accrual in nutrient-enriched rivers (Peterson et al., 1993; Sturt, Jansen & Harrison, 2011).
Herbivorous fish might also affect periphyton accumulation in streams and shallow
rivers. Strong top-down effects of herbivorous fish have been found in subtropical
(Schneck, Schwarzbold & Melo, 2013) and tropical streams (Power, Dudley & Cooper,
1989; Wootton & Oemke, 1992; Flecker et al., 2002). However, it has been suggested that
fish grazing is more important in tropical streams than in temperate streams due to
the higher density and species richness of herbivorous fish in the tropics (Wootton &
Oemke, 1992). Nevertheless, field experiments have shown that the highly abundant
small herbivorous cyprinid Campostoma anomalum reduces periphyton biomass in North
American streams (Power, Matthews & Stewart, 1985; Stewart, 1987; Gelwick & Matthews,
1992). In mesocosms simulating small headwater prairie streams, the presence of one or
two herbivorous fish species (Chrosomus erythrogaster, C. anomalum) results in a reduction
of algal filament lengths and periphyton biomass (Martin et al., 2016).
In the light of the potentially high top-down impact of grazers in streams and rivers,
the question arises whether enhancement of benthic grazing could be used as a tool for
the mitigation of eutrophication effects in stream conservation approaches, similar to
biomanipulation in lakes (Shapiro & Wright, 1984; Hansson et al., 1998). In streams and
shallow rivers, nutrient enrichment promotes excessive growth of periphyton, which in
turn can cause high diurnal fluctuations of oxygen and pH (Dodds & Welch, 2000; Hilton et
al., 2006) and biological clogging of the hyporheic zone (Ibisch, Seydell & Borchardt, 2009).
This reduces the habitat quality for fish and invertebrates (Welch, Quinn & Hickey, 1992;
Hübner, Borchardt & Fischer, 2009).
However, although the effects of invertebrate grazers on stream periphyton are generally
strong (Hillebrand, 2009), they do not seem to be sufficient to prevent algal blooms owing
to a temporal mismatch of algal and invertebrate generation times (Rosemond, Mulholland
& Brawley, 2000; Winkelmann et al., 2014). This mismatch has the highest effect in small
streams in forested catchments, when canopy cover strongly limits periphyton growth
during the vegetation season and therefore algal blooms occur usually only in spring
prior to tree foliation (Rosemond, Mulholland & Brawley, 2000; Winkelmann et al., 2014).
In rivers, however, a full canopy cover is rarely reached; therefore, periphyton are not
greatly light limited during the vegetation season. Hence, the seasonal offset of algal
production and grazing pressure observed in narrow streams might be not as strong in
wider rivers. Furthermore, rivers also accommodate larger and often more diverse fish
communities, including herbivorous or facultative herbivorous fish (Oberdorff, Guilbert
& Lucchetta, 1993). Consequently, in shallow rivers, a top-down control of periphyton
might be facilitated by the promotion of fish grazing, possibly in combination with the
enhancement of invertebrate grazing.
In European rivers, the large cyprinid common nase (Chondrostoma nasus L.) is the
only obligate herbivorous fish species (Vater, 1997). It feeds exclusively on periphyton,
and preferentially on benthic diatoms (Freyhof, 1995; Corse et al., 2010). Despite large-scale
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population declines, nase is still abundant in many European rivers (Reckendorfer et al.,
2001; Melcher, Lautsch & Schmutz, 2012). The home ranges of nase are well defined, with an
average daily activity range of 120 m (Huber & Kirchhofer, 1998); therefore, a continuous
impact of nase on periphyton in these home ranges might be expected. However, to our
knowledge, the quantitative impact of herbivorous nase on periphyton biomass has not yet
been investigated. Therefore, our study aimed at assessing whether nase is able to reduce
periphyton biomass in a eutrophic river. In three in situ experiments using standardized
concrete tiles covered with periphyton and electrical exclusion, we quantified the effects
of fish exclusion on periphyton biomass at different densities of nase. We expected that
nase, as the only herbivorous fish in the river, would control periphyton biomass, i.e., that
periphyton biomass would be lower on tiles accessible to fish than on exclosure tiles, at
least at intermediate and high densities of nase.

METHODS
Experimental site
Experiments were conducted in the hyporhithral zone of the river Nister (RhinelandPalatinate, Germany, 50◦ 430 N, 7◦ 440 E), a small gravel-bed river with a drainage area of
246 km2 . The average mean discharge is 6.4 m3 s−1 in winter and 2.4 m3 s−1 in summer
(measured at Heimborn, ID 2724030100; data supplied by State Office for Environment
of Rhineland-Palatinate). At the experimental sites, the river is about 10 m wide and
never completely shaded during the vegetation season. The river bed mainly consists of
cobbles (6.3–20 cm) and boulders (20–63 cm). Land use in the catchment is dominated by
forestry, pasture and agriculture. Due to phosphate emissions from several minor municipal
wastewater treatment plants and diffuse emissions from agriculture, nutrient levels in the
river are high (mean ± SD: 106 ± 62 µg PO4 -P L−1 , 5.3 ± 1.2 mg NO3 -N L−1 ; n = 18;
monthly measurements between June 2015 and July 2017, except during winter flood).
Eutrophication effects, such as oxygen oversaturation and extreme pH, have been observed,
especially during spring algal bloom (maximum in April 2016: 182.3% O2, pH 10.2).
The benthic algal and cyanobacterial community in the river is largely composed
of adnate and loosely attached diatoms. During summer, filamentous cyanobacteria
or filamentous green algae, especially Cladophora spp., can become dominant. We
conducted the experiments after the spring peak and breakdown of periphyton biomass in
early summer.
Common nase is the only herbivorous fish in the river. The fish scrape periphyton from
coarse substrate, typically swim in shoals and have defined home ranges. Fish grazing
pressure in the river can be expected to be highest in run segments with coarse substrate,
which are the preferred feeding habitats of nase (Huber & Kirchhofer, 1998). The invertebrate community is dominated by scraping grazers, especially mayfly larvae (Baetis spp.,
Ephemerella ignita), chironomid larvae and the snail Ancylus fluviatilis.
To quantify effects of fish exclusion, we conducted three consecutive experiments at three
different densities of nase (Table 1). The first two experiments were performed in summer
2013 at two different sites (sites A and B) representing typical nase feeding habitats (20 m in
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Table 1 Fish densities in the river in the three experiments. Experiment I = low nase density; experiment II = intermediate nase density, and experiment III = high nase density. Values are the total number
of individuals caught per m2 and calculated stock per m2 (large fish: Ricker, 1975; small fish: De Lury, 1951,
given only in case of significant regression coefficients).

Fish

Experiment I

Experiment II

Experiment III

Site A

Site B

Site B

July 2013

June 2013

July 2016

Catch
(ind m−2 )

Stock
(ind m−2 )

Catch
(ind m−2 )

Stock
(ind m−2 )

Catch
(ind m−2 )

Stock
(ind m−2 )

>15 cm
Nase

0.005

0.004

0.019

0.033

0.198

0.276

Chub

0.003

0.005

0.003

0.005

0.032

0.062

Dace

0.004

0.005

0.003

0.010

0.016

0.082

Other

0.005

0.012

0.003

0.007

0.036

0.076

Total

0.016

0.026

0.027

0.055

0.281

0.495

<15 cm
Bullhead

0.51

0.31

0.84

0.27

0.4

Minnow

0.48

0.68

0.25

0.4

Stone loach

0.85

Total

1.83

1.23

0.52
1.51

1.49

0.91

2.0

1.43

2.8

length) at low (experiment I) and intermediate (experiment II) densities. Site A (low nase
density) is located 2.5 km upstream from site B (intermediate nase density), and nase density
was eight times higher at site B than at site A (Table 1). In 2015, stocks of herbivorous nase
and the omnivorous European chub (Squalius cephalus) were experimentally increased in
a 500 m reach including site B for a long-term food web manipulation experiment; the
experimental reach was defined by fish barriers to avoid fish emigration. In July 2016, we
performed a third experiment (experiment III) at site B with a nase density more than 8-fold
higher than in experiment II and 70-fold higher than in experiment I (Table 1). At the time
of experiment III, nase biomass per area at site B was approximately 100-fold higher than the
2
2
total benthic invertebrate biomass (nase: 111.5 g m− , total invertebrates: 1.2 g m− ). Aside
from nase, the omnivorous European chub and common dace (Leuciscus leuciscus) were
the most abundant large fish at the experimental sites (Table 1). The small zoobenthivorous
fish species bullhead (Cottus gobio), common minnow (Phoxinus phoxinus) and stone loach
(Barbatula barbatula) generally occurred at high abundances at both experimental sites
and during all experiments (Table 1). Fish stocks were assessed by electrofishing campaigns
(EFGI 650, Bretschneider Spezialelektronik, Chemnitz, Germany) in June 2013 (site A
and B) and July 2016 (site B). Electrofishing was approved by the fisheries department
of the local environmental agency SGD Nord (Rhineland-Palatinate, Germany). For each
experiment, stocks of large fish (>15 cm) were estimated in a 500-m reach including the
experimental site using the mark-recapture method. Stocks of small fish (<15 cm) were
estimated in 60-m (experiments I and II) and 40-m (experiment III) long sections close to
the experimental site by a three-pass removal method.
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Electric exclosures
We used low-intensity electric pulses following the principle developed by Pringle & Blake
(1994) to prevent fish but not benthic invertebrates from foraging on standardized concrete
tiles (40 cm × 40 cm) exposed on the stream bottom. The strength of the electric field
determines which organisms are affected by electrical exclusion because the sensitivity to
electric fields increases with body size (Moulton et al., 2004). The electric field strength that
we used in our experiments was comparable to that used in other field studies in which
macroconsumers (approximately ≥1 cm, in this case fish and shrimps) were selectively
excluded, while smaller invertebrates were not affected by the electric field (Pringle &
Blake, 1994; Pringle & Hamazaki, 1997; Rosemond, Pringle & Ramirez, 1998). Electrical
exclusion has the advantage that it avoids experimental artefacts associated with traditional
enclosures or exclosures, such as reduced current velocity, increased sedimentation and
shading effects.
Two protruding aluminium conductors were attached at opposite sides of each tile
and were insulated at the bottom of the tile. Fish exclosure tiles were connected to
commercially available electrical fence chargers (experiments I and II: compact B400,
Electra Landtechnik GmbH, Vöhl, Germany; experiment III: Voss.farming Aures 3,
Elefant-Weidezaungeräte e.K., Ohrstedt, Germany; both approximately 0.3 J output
energy) that emitted approximately 50 electrical pulses per minute and were powered
by a 12-V battery. Sets of three exclosures were connected in parallel to a fence charger.
Control tiles were constructed in the same manner as exclosures but were not connected to
a fence charger. The effectiveness of exclusion was tested in two preliminary experiments
with five individuals of nase in artificial indoor-stream channels (2.6 m × 0.9 m × 0.5 m)
at the University of Koblenz–Landau, Koblenz. In both 24-h experiments, electric pulses
effectively prevented fish from foraging on electrified tiles but did not significantly unsettle
the animals (see Article S1). This is consistent with observations that we made during the
field experiments.

Experimental setup and sampling
Experiments I (June 2013) and II (July 2013) ran 18 days, and experiment III (July 2016)
ran 19 days. Each separate experiment had a total of 18 tiles; half the tiles were electrified
to exclude fish, and the other half were non-electrified to allow fish access. Electrified and
non-electrified tiles were placed at least 2 m apart from each other to avoid an electric
field between exclosures and controls. To allow initial periphyton growth, tiles were
exposed on the river bottom two weeks prior to the start of experiments. On at least three
occasions during the experiments, we measured water depth (only in experiments I and II),
photosynthetically active radiation (PAR) using a LI-250 light meter (LI-COR, Lincoln, NE,
USA) with a spherical micro-quantum sensor (US-SWS/L; Heinz Walz GmbH, Effeltrich,
Germany) and current velocity using a flow meter with a vane wheel flow sensor (HFA
hand-held unit with FA sensor; Hoentzsch GmbH, Waiblingen, Germany) above each tile.
At the end of each experiment, we sampled periphyton and benthic invertebrates to
control for possible effects of invertebrate grazing. Fence chargers were not turned off until
immediately before sampling to ensure continuous fish exclusion. Periphyton and benthic
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invertebrate samples were each taken from half of the area of each tile. First, half of the
tile was covered with a metal frame (20 cm × 40 cm) to protect the area for periphyton
sampling. Invertebrates were sampled from the uncovered area by scraping with a coarse
brush. Animals and organic material were washed into a net (500-µm mesh), which was
positioned at the downstream edge of the tile. Subsequently, the invertebrate samples were
rinsed over a 500-µm sieve and stored in 70% ethanol. The tile was then carefully removed
from the river bottom, and periphyton was removed from the other half of the tile by
brushing the area carefully with a coarse brush and up to 500 mL river water. The resulting
periphyton suspensions were transported in the dark to the laboratory.
In experiment III, additional periphyton and benthic invertebrate samples were taken
approximately 10 m downstream of the experimental site to compare the colonization of
tiles and natural substrates in the river. These samples were actually collected for another
field study, and periphyton were sampled five days before the end of experiment III
and invertebrates were sampled one day after the end of experiment III. Ten stones were
randomly chosen over the entire width of the river in order to obtain one mixed sample; periphyton was removed by carefully brushing the stone surface with a coarse brush and river
water. Benthic invertebrates were sampled with three Surber samplers (total area 0.24 m2 ,
500-µm mesh).

Laboratory analyses
Nutrient concentrations were measured photometrically (nitrate: DIN EN ISOIS 13395,
1996; phosphate: DIN EN ISO 15681-2, 2005) using a continuous flow analyser (CFA,
AutoAnalyser 3; Seal Analytical GmbH, Norderstedt, Germany). Total periphyton biomass
was estimated as ash-free dry mass (mg AFDM cm−2 ), and autotrophic periphyton biomass
was estimated as chlorophyll a concentration (µg Chl a cm−2 ). Periphyton biomass was
quantified considering the total volume of the obtained periphyton suspension and the
sampled area of tiles (experiments I–III) and stones (additional samples in experiment III).
The surface area of stones sampled close to the experimental site were determined by
carefully wrapping the stone in aluminium foil; overlapping areas were cut off, and the foil
was weighed. The total volume of each periphyton suspension was determined, and the
suspension was then homogenized using a magnetic stirrer to ensure comparable aliquots.
For quantification of AFDM, 10 mL aliquots were transferred to pre-weighed ceramic
crucibles and dried at 60 ◦ C for 24 h. Dried samples were weighed, ashed at 510 ◦ C for 5 h
in a muffle furnace and subsequently reweighed.
To determine Chl a concentrations, triplicate aliquots were centrifuged at 13,000 rpm
for 3 min (16,060 ×g, Micro 200R; Hettich Zentrifugen, Tuttlingen, Germany). The
aliquot volume was 2 mL in experiments I and II but 0.5 mL in experiment III because the
periphyton suspensions were thicker. The supernatants were discarded, and pellets were
stored at −80 ◦ C . Chl a was extracted and spectrophotometrically analysed according to
Mewes, Spielvogel & Winkelmann (2017). In short, pellets were homogenized in 500 µL of
96% ethanol buffered with 1 g MgCO3 L−1 using a disperser (Ultra Turrax T8; IKA, Staufen,
Germany), except for samples in experiment III, which were homogenized in a mixing
mill (MM 400; Retsch Technology GmbH, Haan, Germany). Another 0.5, 1.0 or 1.5 mL
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of buffered 96% ethanol was added, depending on the intensity of green colouration,
to prevent incomplete extraction in high-quantity samples. Chl a was extracted for at
least 3 h at room temperature in the dark. Subsequently, the samples were centrifuged
at 6,000 rpm (3,421 ×g, Micro 200R) for 3 min, and Chl a in the supernatant was
measured spectrophotometrically (Specord 205; Analytic Jena, Jena, Germany) at 665 nm
and corrected for turbidity at 750 nm. If the sample absorbance exceeded 1, the sample
was appropriately diluted with buffered ethanol to give a reading of less than 1.
In experiment III, additional 2 mL aliquots were taken from the homogenized
periphyton suspensions and stored at −80 ◦ C for later analysis of the benthic algal and
cyanobacterial community composition. The mean percentage of each taxonomic group
(diatoms, green algae and cyanobacteria) in the suspension was estimated microscopically
(400 × magnification) relative to the total area covered by algae and cyanobacteria on the
slide (which was set to 100% in each microscopic field of view). The mean percentage of
each group was estimated from 50 fields of view per slide, and three slides were analysed
per sample.
All individuals from each benthic macroinvertebrate sample were sorted under a
dissecting microscope, identified to the lowest practicable taxonomic level and counted.
For each taxon in each sample, at least 50 individuals were measured to the nearest 0.1 mm.
If less than 50 individuals occurred for one taxon per sample, all individuals of the sample
were measured. The individual body mass (dry mass) was calculated using length–weight
regressions. For all taxa except Chironomidae, we used regression models from the literature
(Meyer, 1989; Benke et al., 1999; Baumgärtner & Rothhaupt, 2003; Edwards et al., 2009). For
Chironomidae, we used data from our own samples to obtain a power function relating
body length (BL) and dry mass (DM): DM = 0.0013*BL2.8024 (r 2 = 0.96, n = 62). We did
this because Chironomidae were the dominant group in most of our samples, they consist of
species different than those in samples reported in literature, and published regressions for
Chironomidae are based on a relatively small sample size (e.g., 16 samples in Meyer, 1989).
The samples used to determine the body length and dry mass of chironomid larvae were
taken from the river Nister and had been stored in 70% ethanol for 6 months. The length of
undamaged individuals was measured to the nearest 0.1 mm. Afterwards, each individual
was transferred to a pre-weighed reaction tube and dried for 24 h at 60 ◦ C. After cooling in
a desiccator, dry mass was determined to the nearest 0.01 mg using a microbalance (XS205
Dual Range; Mettler-Toledo, Columbus, OH, USA). To reduce measurement error, the
dry mass of smaller specimens (<5 mm) was determined by weighing 2–15 individuals
of a similar length together and calculating a mean individual body mass. To correct the
individual dry mass for mass loss owing to preservation, we used a conversion factor of
1.26 (Mährlein et al., 2016).

Data analysis
Stocks of large fish (>15 cm) were calculated using Chapman’s modified Petersen estimator
(Ricker, 1975). Stocks of small fish (<15 cm) were calculated using the De Lury (1951)
regression method. In the case of non-significant regression coefficients (R2 < 0.88), only
the total number of caught individuals per m2 is given because it represents a minimum
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estimation for the population density of small fish. Chl a concentration was calculated per
area of the tile surface (as in Mewes, Spielvogel & Winkelmann, 2017). Means of periphyton
biomass (Chl a and AFDM) on exclosure and accessible tiles were compared using
independent t -tests.
We assessed differences in the invertebrate community composition between exclosure
and accessible tiles using analysis of similarities (ANOSIM) based on benthic invertebrate
biomass. If ANOSIM results were significant, a similarity percentage (SIMPER) analysis
was used to identify the taxa that were mainly responsible for the differences between
exclosure and accessible tiles. In experiments I and III, nine exclosure and nine accessible
tiles were analysed; in experiment II, only eight tiles of each type were analysed due to
desiccation of one sample. To calculate the total biomass of invertebrate grazers in each
sample, we weighted the biomass of each herbivorous and omnivorous species according
to the average proportion of plant food in their diet (Schmedtje & Colling, 1996). The mean
total grazer biomass of benthic invertebrates and the mean biomass of several dominant
grazer taxa on exclosure and accessible tiles were compared using t -tests and adjusted for
multiple comparisons using the Bonferroni-Holm correction.
To check whether environmental factors distorted the effects of fish exclusion on
periphyton biomass, we used t -tests of differences in mean water depth, PAR and current
velocity (averaged over the experimental period for each tile) between exclosure and
accessible tiles. In addition, Pearson correlations were calculated to assess any influence of
environmental factors on periphyton and grazer biomass. Non-normally distributed data
were log-transformed for Pearson’s correlation analysis. For all comparisons of means,
Welch’s test was used instead of the t -test when the assumption of homogeneity of variance
was not met. Statistical analyses were performed and graphs were plotted using R version
3.3.3 (R Development Core Team, 2016).

RESULTS
When fish were excluded from the tiles, autotrophic periphyton biomass decreased, as
shown by the significantly lower Chl a levels on tiles inaccessible to fish (exclosure) than
on the tiles to which fish had access (control) at intermediate (experiment II) and high
(experiment III) densities of nase (II: p < 0.01; III: p = 0.02; n = 9; t -test; Figs. 1B and
1C). At a low nase density (experiment I), Chl a concentrations on the fish exclosure
tiles were not significantly lower (Chl a: p = 0.06, n = 9, t -test, Fig. 1A). By contrast,
total periphyton biomass measured as AFDM did not differ between accessible and
exclosure tiles (I: p = 0.33, Welch test; II: p = 0.19, t -test; III: p = 0.93, Welch test; n = 9,
Figs. 2A–2C). At a high nase density (experiment III), the variance of AFDM was
significantly higher on the exclosure tiles than on the accessible tiles (p < 0.01, n = 9,
F -test, Fig. 2C). Overall, both the Chl a concentration and AFDM were lowest on both sets
of tiles at a low nase density and highest at a high nase density.
The algal and cyanobacterial communities on the tiles at a high nase density were
dominated by diatoms (mean ± SD, n = 9: exclosures: 63% ± 9%, controls: 59% ± 6%),
followed by green algae (exclosures: 33% ± 9%, controls: 27% ± 8%) and cyanobacteria
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Figure 1 Chlorophyll a concentration for controls and exclosures at the end of the experiments.
Chlorophyll a per area on accessible control tiles and fish exclosure tiles (n = 9) at the end of the three
experiments performed at (A) low, (B) intermediate and (C) high densities of nase. Boxes: 75 and 25%,
whiskers: 95 and 5%, dots: outliers. * Significant (p < 0.05).
Full-size DOI: 10.7717/peerj.4381/fig-1
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Figure 2 Ash-free dry mass for controls and exclosures at the end of the experiments. Ash-free dry
mass per area on accessible control tiles and fish exclosure tiles (n = 9) at the end of the three experiments
performed at (A) low, (B) intermediate and (C) high densities of nase. Boxes: 75 and 25%, whiskers: 95
and 5%, dots: outliers.
Full-size DOI: 10.7717/peerj.4381/fig-2

(exclosures: 3% ± 4%, controls: 14% ± 10%). Green algae were mostly filamentous, and
included the taxa Cladophora spp. and Microspora spp. Benthic diatoms included loosely
attached taxa such as Navicula spp., and stalked taxa such as Gomphonema spp., which were
often found epiphytic on Cladophora spp. Cyanobacteria included mostly filamentous taxa,
especially Phormidium spp. and bundles of Homoeothrix spp. The estimated proportion of
cyanobacteria was higher on the accessible control tiles than on the exclosure tiles (p < 0.01,
n = 9, t -test), which might point to effects of grazing on the periphyton community
structure. On natural river stones, the algal and cyanobacterial communities differed from
those on the tiles (mixed sample obtained from ten stones: 60% filamentous cyanobacteria,
38% diatoms, 2% filamentous green algae). The difference between tiles and natural
substrates might have been even more intense owing to the time delay between samplings
especially because there was a sunny period between the sampling dates. However, the
communities on natural river stones and on the tiles generally consisted of similar taxa
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(e.g., Homoeothrix spp., Phormidium spp., Navicula spp., Gomphonema spp., Microspora
spp.). Periphyton biomass on the river stones was in the same order of magnitude as
on the accessible tiles (mixed sample obtained from ten stones: 23.7 µg cm−2 Chl a,
2.4 mg cm−2 AFDM; accessible tiles of experiment III (mean ± SD, n = 9): 30.0 ±
6.5 µg cm−2 Chl a, 3.1 ± 0.5 mg cm−2 AFDM).
The composition of the benthic invertebrate community differed between exclosure
and accessible tiles at high and intermediate nase densities, but not at a low nase density
(I: R = 0.08, p = 0.13; II: R = 0.18, p = 0.03; III: R = 0.64, p = 0.001, ANOSIM). At a
high nase density (experiment III), Chironomidae and Baetis spp. contributed most to the
dissimilarity between exclosure and accessible tiles (34% and 28%, respectively; SIMPER).
At an intermediate nase density (experiment II), Chironomidae and Ephemerella ignita
contributed most to the dissimilarity between exclosure and accessible tiles (31% and 18%,
respectively, SIMPER). The biomasses of the taxa responsible for the differences in SIMPER
were consistently higher on the fish exclosure tiles. In all three experiments, Chironomidae
and mayfly grazers (Baetis spp., Ephemerella ignita and occasionally Ecdyonurus spp.)
contributed most to grazer biomass.
Grazer biomass was affected by the presence of fish. At a high nase density
(experiment III), total grazer biomass and biomass of mayfly grazers were significantly
higher on the fish exclosure tiles than on the accessible control tiles (total: p < 0.001,
mayfly: p = 0.001; chironomid: p = 0.16, n = 9; Welch test; Fig. 3C). At an intermediate
nase density, at least the Chironomidae biomass showed a tendency to increase (II: total:
p = 0.16, mayfly: p = 0.16, chironomid: p = 0.051; n = 8; Welch test; Fig. 3B). At a low
nase density, grazer biomass did not differ between exclosure and accessible tiles (I: total:
p = 0.30, mayfly: p = 0.24, chironomid: p = 0.36; n = 9; t- test, Fig. 3A), and grazer biomass
was overall lowest in this experiment.
Invertebrate colonization of the tiles was comparable but not identical to that of the
natural substrates close to the experimental site in experiment III. Some taxa, such as
Ancylus fluviatilis and Elmis sp., occurred more often on natural substrates. However,
Chironomidae, Baetis spp. and Ephemerella ignita were among the most important
invertebrate grazers (45% of grazer biomass) in the river, and had densities comparable to
those on the tiles (see Table S2).
There was no evidence that the environmental factors water depth, light and current
velocity affected the experimental results. The water depths at exclusion and control tile
sites were similar (I: p = 0.82; II: p = 0.75; III not measured; t -test; n = 9; Table 2). The
light supply was also similar at exclusion and control tile sites in all three experiments (I:
p = 0.72, Welch test; II: p = 0.64, t -test; III: p = 0.45, Welch test; n = 9, Table 2). Current
velocities were similar at exclusion and control tile sites in experiments I and II (I: p = 0.88,
II: p = 0.63, n = 9, t -test) but was significantly higher around the fish exclosure tiles than
around the control tiles in experiment III (p = 0.03, n = 9, t -test, Table 2). However,
although some significant correlations were found between environmental factors and
biotic response variables in experiments I and II (Table 3), there was no significant
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Figure 3 Biomass of invertebrate grazers for controls and exclosures at the end of the experiments.
Biomass of invertebrate grazers on accessible control tiles and fish exclosure tiles (n ≥ 8) at the end of the
three experiments performed at (A) low, (B) intermediate and (C) high densities of nase. Boxes: 75 and
25%, whiskers: 95 and 5%, dots: outliers. * Significant (p < 0.05).
Full-size DOI: 10.7717/peerj.4381/fig-3
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Table 2 Mean values of environmental parameters for controls and exclosures in the three experiments. Mean values (± SD) of water depth,
light supply (PAR) and current velocity on accessible control tiles and fish exclosure tiles (n = 9) averaged over the experiment duration (number of
measurements, n ≥ 3).
Nase density

PAR (µmol m−2 s−1 )

Water depth (cm)

Current velocity (m s−1 )

Exclosure

Control

Exclosure

Control

Exclosure

Control

Low (I)

21.9 ± 10.3

20.7 ± 11.5

846.1 ± 696.2

979.1 ± 849.1

0.19 ± 0.04

0.20 ± 0.08

Intermediate (II)

29.3 ± 13.5

27.5 ± 9.8

153.6 ± 61.7

169.4 ± 78.0

0.27 ± 0.12

0.29 ± 0.08

127.4 ± 45.3

111.8 ± 41.4

0.33 ± 0.06

0.27 ± 0.06

High (III)

Table 3 Pearson correlation coefficients between biotic response variables and environmental factors (water depth, light supply PAR and current velocity).
Low nase density (I)

Intermediate nase density (II)

High nase density (III)

Water depth

PAR

Current velocity

Water depth

PAR

Current velocity

PAR

Current velocity

Chl a

0.89*

−0.31

0.58

0.02

−0.36

0.75*

0.60

0.24

AFDM

0.62

0.03

0.60

−0.07

−0.12

0.72*

0.62

0.23

Grazer biomass

−0.36

0.75*

0.44

−0.57

0.48

0.58

0.57

0.18

Chl a

0.72*

−0.15

0.50

−0.23

0.44

−0.22

0.45

0.51

AFDM

0.64

0.03

0.51

−0.03

0.21

−0.36

0.44

0.44

Grazer biomass

−0.83*

0.68*

0.73*

−0.32

0.41

0.40

−0.02

0.48

Exclosure

Control

Notes.
*Significant (p < 0.05).

relationship between current velocity and Chl a (exclosures: p = 0.45; controls: p = 0.18;
n = 9), AFDM (exclosures: p = 0.47; controls: p = 0.22; n = 9) or between current velocity
and grazer biomass (exclosures: p = 0.65; controls: p = 0.15; n = 9; Table 3) in experiment
III, where current velocity differed between exclusion and control tile sites.

DISCUSSION
As grazers are able to strongly control periphyton biomass (Feminella & Hawkins,
1995; Hillebrand, 2009) and eutrophication-driven algal blooms detrimentally affect the
ecological quality of running waters (Dodds & Welch, 2000; Biggs, 2000; Hilton et al., 2006),
the active promotion of benthic grazing might be a future tool for improving the quality of
shallow rivers or unshaded streams. However, in contrast to the known top-down effects
of benthic invertebrate grazers, there is a considerable gap of knowledge concerning the
top-down effects of herbivorous fish. To assess whether top-down effects of herbivorous
fish are able to control periphyton biomass, we conducted in situ exclosure experiments in
which fish were not allowed to gain access to tiles colonized by periphyton and compared
the results to those obtained with accessible control tiles. The unspecific exclusion of fish
in our study was expected to be sufficient to reduce grazing intensity, because the common
nase (C. nasus) is a specialized periphyton feeder (Freyhof, 1995; Corse et al., 2010) and
the only herbivorous fish in the river. We expected strong top-down effects by nase on
periphyton biomass, especially because we frequently observed visible traces of feeding
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of nase in the river during summer. Therefore we hypothesized that nase can reduce
periphyton biomass, which in our experiments would result in higher periphyton biomass
on exclosure tiles compared to accessible tiles in a eutrophic river with intermediate and
high densities of nase.
In contrast to our hypothesis, autotrophic periphyton biomass (measured as Chl a) was
lower on the exclosure tiles at intermediate and high densities of nase. This possibly indicates
a low impact of fish grazing at this experimental scale. This result was surprising because
it had been observed in other small-scale experiments that herbivorous fish exert strong
top-down effects on periphyton (e.g., Wootton & Oemke, 1992; Flecker et al., 2002; Schneck,
Schwarzbold & Melo, 2013; Martin et al., 2016), and it was even shown that the small
cyprinid species central stoneroller (C. anomalum) reduces periphyton on the mesohabitat
scale (Power, Matthews & Stewart, 1985; Stewart, 1987; Gelwick & Matthews, 1992).
A possible explanation for the lower autotrophic periphyton biomass observed on
fish exclosure tiles might be a strong indirect top-down effect of zoobenthivorous fish
at the experimental site. This is unexpected because we assumed that direct top-down
control by nase would be stronger than indirect top-down control over two trophic levels,
especially as the biomass of nase was more than 100-fold higher than that of invertebrates
at the experimental site. Unfortunately, there is uncertainty whether zoobenthivorous
fish were completely excluded by the electrical fences on the tiles because we did not test
the effectiveness of the electrical exclusion for small fish. However, other studies that
used electrical exclosures at a similar intensity reported the exclusion of animals ≥1 cm
(Pringle & Blake, 1994; Pringle & Hamazaki, 1997; Rosemond, Pringle & Ramirez, 1998),
which would have excluded all zoobenthivorous fish in our experiments. In addition,
our results strongly indicate that benthic invertebrates might have been released from
predation pressure, thereby increasing invertebrate grazing. This assumption is supported
by our observation of a higher invertebrate grazer biomass in general and mayfly grazers
in particular on exclosure tiles than on control tiles. If indeed invertebrate grazing was
responsible for the observed results, then the indirect control of periphyton biomass by
zoobenthivorous fish via invertebrate grazers was stronger than the direct top-down effect
of herbivorous nase in our small-scale experiments.
In principle, the occurrence of a trophic cascade from fish over invertebrate grazers on
periphyton seems likely because comparable effects have been observed under near-natural
conditions in stream ecosystems for both zoobenthivorous fish (Winkelmann et al., 2014)
and drift-feeding fish (Huryn, 1998; Buria et al., 2010; Pagnucco, Remmal & Ricciardi,
2016) and in many small-scale experiments (e.g., Power, 1990b; Flecker & Townsend,
1994; Dahl, 1998; Kurle & Cardinale, 2011). Moreover, effects of zoobenthivorous fish
on the composition of the benthic invertebrate community have been observed on
different experimental scales (large scale: Winkelmann et al., 2007; Winkelmann et al., 2011;
Worischka et al., 2014; small scale: Dahl, 1998; Shelton et al., 2016). Grazing mayfly larvae
and chironomids are important prey species for zoobenthivorous fish (Copp, Spathari &
Turmel, 2005; Ureche et al., 2010; Worischka et al., 2015), which is in agreement with the
strongest effects of fish exclusion on mayflies and chironomids in our experiments.
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However, the strength of the observed effects did not correspond to the density of small
zoobenthivorous fish (catch per m2 ). Based only on the total density, the strongest effects
would have been expected in experiment I with the highest density of zoobenthivorous
fish (low nase density). However, our results showed the strongest effect in experiment III
(significant decrease in Chl a concentrations and significant increase in benthic grazers),
in which the total density of zoobenthivorous fish was lowest. One explanation for these
results is that the strength of the predation pressure on the tiles might have been affected
by a species shift within the zoobenthivorous fish community, owing to differences in
their foraging behaviour. Stone loach (B. barbatula), whose stock was highest at high
nase densities (experiment III), feeds in habitats with higher current velocities than other
zoobenthivorous fish species (Worischka et al., 2012) and can therefore be expected to feed
frequently on the experimental tiles. Another explanation for these results is that the strong
effects are due to the relatively high density of the large omnivorous fish European chub (S.
cephalus) and dace (L. leuciscus). Both species feed to a considerable proportion on benthic
prey (Vlach, Švátora & Dušek, 2013) and might therefore have reduced benthic grazers on
the tiles accessible to fish.
While the explanations stated above focused on top-down regulation, the higher Chl
a concentration on accessible control tiles might also be the result of a stimulation of
periphyton growth due to fish grazing, which represents an overcompensation of topdown regulation. During the first two weeks of experiment III, we frequently observed nase
foraging on the control tiles and found highly visible traces of feeding. Such newly grazed
patches, free from senescent algae and detritus, offer optimal growth conditions for new
algae (Lamberti & Resh, 1983; McCormick & Stevenson, 1989), thus yielding comparatively
more Chl a. This explanation is supported by the observation that while autotrophic
biomass was significantly higher in the controls in experiments II and III, total biomass
(AFDM), including heterotrophs and detritus other than living algae, was similar in all
experiments. The presence of herbivorous fish on the accessible tiles might have caused
increased removal of detritus (Power, 1990a; Flecker, 1996), allowing algae to increase their
growth rate, thereby overcompensating fish grazing. The significantly lower variance of
AFDM in the controls at high nase density (experiment III) could indicate that grazing
by nase had a homogenizing effect on the spatial scale of the experimental site, leading
to more similar total periphyton biomass in the controls, thereby supporting the second
explanation.
Several methodical issues possibly led to an increase in variability and a lower observed
effect of fish. First, annual and seasonal differences in the abundance and developmental
stages of benthic invertebrates between the experiments cannot be ruled out completely.
Unfortunately, we were not able to run the experiments in parallel and had to use a
consecutive experimental design. An underestimation of indirect effects of zoobenthivorous
fish might have resulted from the conservative estimation of the total grazer biomass.
Especially for calculating the grazer biomass of Chironomidae, we used a small average
proportion of plant food in their diet (20%; Schmedtje & Colling, 1996). Nevertheless,
Chironomidae larvae are a diverse group that vary greatly in their feeding habits. Several taxa
feed predominantly on algae (Cummins, 1973; Pinder, 1992; Tarkowska-Kukuryk, 2013) and
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are able to exert strong top-down effects on periphyton (Power, 1990b; Tarkowska-Kukuryk,
2013). Assuming that mostly grazing chironomids settled on the tiles, it seems likely that
grazing by chironomid larvae caused the lower Chl a concentration on the exclosure tiles
in experiment II even though chironomid biomass did not significantly increase.
In addition, we suspect that especially in experiment I, bottom-up effects were likely
more important than top-down effects because light intensity was highest and periphyton
biomass was lowest for accessible and exclosure tiles of this experiment, while invertebrate
grazer biomass was low. Higher light availability could have promoted fast periphyton
growth, which leads to self-shading and ultimately to detachment of periphyton and
thereby masks potential effects of fish exclusion (Higgins, Hecky & Guildford, 2008).
The use of artificial substrates, which might result in a different community structure
of periphyton and invertebrates owing to uniform surface texture, size and colonization
time (Cattaneo & Amireault, 1992), means our experimental results cannot be directly
transferred to the situation in a real ecosystem. However, the relatively high proportion of
filamentous green algae and cyanobacteria, especially the occurrence of attached taxa such
as Cladophora spp., shows that the concrete tiles were a reasonably good facsimile and that
colonization time was long enough to allow the development of mid- to late-successional
stages of periphyton. Therefore, we think that although the periphyton assemblage on the
tiles was not identical to that of natural substrates, it sufficiently represents the natural
colonization of the river bed during summer.
Furthermore, the exact fish densities at the experimental site (20 m in length) were not
known because fish moved within their natural home range. This uncertainty might have
been overcome by using an enclosure design. However, such a design seems undesirable
because it would have affected both abiotic conditions and fish behaviour. Because of the
different habitat use of zoobenthivorous fish and nase, we chose different spatial scales for
fish stock estimations. Zoobenthivorous fish are mostly stationary and small; we estimated
their density in 60-m sections very close to the experimental sites. Nase, on the other hand,
usually swim in shoals that move actively within defined home ranges (Huber & Kirchhofer,
1998). Therefore, we found it necessary to estimate nase stocks on a large scale (500 m) to
reflect the potential grazing impact of nase at the experimental sites. Although we cannot
rule out that nase changed their feeding places from time to time over the experimental
periods, we expect that within the experimental period of more than two weeks, differences
in day-to-day feeding areas were reasonably integrated over time.
Finally, the small spatial and temporal scale of our experiments does not allow us to
draw a general conclusion from our experimental results on the possible top-down control
of periphyton by nase in eutrophic rivers. Especially the effect of invertebrate grazing seems
likely to be particularly strong on a small spatial scale but less relevant at larger scales
(Englund, 1997; Gil, Jiao & Osenberg, 2016).

CONCLUSIONS
Our results indicate that the active promotion of benthic grazing might be a possible
tool to reduce eutrophication effects in rivers, but also highlight the complexity of topdown control in river food webs. In our small-scale experiments, cascading effects of
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zoobenthivorous fish via invertebrate grazers might have been stronger than direct topdown effects of herbivorous nase. However, we cannot determine whether fish grazing or
invertebrate grazing is more important on the ecosystem scale because the potential impact
of herbivorous nase remained unclear, likely owing to the unspecific exclusion of fish in
our experiment. To assess the top-down effects of herbivorous nase in eutrophic rivers,
large-scale and long-term experiments that consider the impact of spatial and seasonal
variability are needed.
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